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a b s t r a c t
Over the last half-century a range of methods have been utilized to reduce trees and shrubs in order to
reduce wildﬁre risk and promote herbaceous vegetation to support livestock and wildlife. We examined
the long-term (20–40 year) effects of past tree-reduction treatments on vegetation and ground cover in
piñon–juniper woodlands, which is the third most extensive vegetation type in the continental United
States. Tree-reduction treatments were conducted between 1963 and 1988 in Grand Staircase-Escalante
National Monument, Utah by the US Bureau of Land Management and involved chaining followed by
seeding to remove trees and often shrubs. Treatments were effective at increasing perennial grass cover
and reducing tree cover over multiple decades. The increase in perennial grass cover was predominantly
due to a nonnative species that was seeded, Agropyron cristatum (crested wheatgrass). Surface fuel loads
were nearly twice as high in treated areas, likely changing ﬁre behavior and increasing habitat complexity. Treated areas had higher bare mineral soil cover and lower biocrust cover, which may inﬂuence soil
erosional processes. Interestingly, treated areas had signiﬁcantly less Pinus edulis (piñon pine) recruitment compared to untreated areas, while there was no change in Juniperus osteosperma (Utah juniper)
recruitment. These results indicate that treated areas may become more J. osteosperma dominated in
the future due to increased establishment of J. osteosperma compared to P. edulis. Our results show that
while treatments were effective at reducing tree cover and increasing herbaceous cover, there were longterm (40 year) treatment effects on vegetation composition and ground cover that need to be taken under
consideration when developing future management strategies.
Ó 2013 Elsevier B.V. All rights reserved.

1. Introduction
Across the western US, there is an increasing need to effectively
manage ecosystems to both mitigate hazardous wildﬁres and
maintain, and in some cases restore, the structure, function, diversity and dynamics of forest and rangeland ecosystems. Of particular importance to the management of public lands in the western
US are ecosystems dominated by various species of piñon (e.g., Pinus edulis and P. monophylla) and juniper (e.g., Juniperus monosperma, J. osteosperma, and J. occidentalis), which collectively represent
the third most extensive vegetation type in the continental US and
are one of the predominant vegetation types administered by federal land-management agencies in the US (Romme et al., 2009).
During the past half-century, piñon–juniper (P–J) ecosystems
have been a major focus for land-management activities due to
their great spatial extent, the multiple ecosystem services they
provide, and historic changes in the structure and extent of P–J
⇑ Corresponding author. Tel.: +1 (415) 300 6901; fax: +1 (303) 492 8699.
E-mail address: MirandaRedmond@gmail.com (M.D. Redmond).
0378-1127/$ - see front matter Ó 2013 Elsevier B.V. All rights reserved.
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populations. Across the western US, P–J populations have established in adjacent grassland and shrubsteppe vegetation, and existing woodlands have experienced increased tree recruitment and
stand densities over the last century (Barger et al., 2009; Miller
and Rose, 1999; Miller et al., 2008; Tausch et al., 1981). In thickening woodlands and where trees have established in adjacent grasslands and shrubsteppe, competition from trees has contributed to
declines in forage production for livestock and diminished habitat
quality for some wildlife species (Bates et al., 2005; Clary and
Jameson, 1981; Noson et al., 2006). In some settings, increasing
tree dominance and decreasing herbaceous cover have contributed
to increases in runoff and soil erosion (Wilcox, 1994), with implications for long-term ecosystem sustainability.
Thus, since the 1950s a variety of tree-reduction methods have
been used across large tracts of public lands in the western US in
attempts to restore herbaceous cover and production. These early
treatment methods, which predominantly involved green chaining
and seeding, were effective at increasing herbaceous cover (Aro,
1971; Tausch and Tueller, 1977) and, in certain cases, reducing
runoff and soil erosion in the short-term (Farmer et al., 1999;
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Gifford, 1973). However, the effectiveness of these treatments at
maintaining low tree densities, high herbaceous cover, and reducing soil erosion in the long-term are largely unknown (but see Pierson et al., 2007 and Skousen et al., 1989).
Despite this lack of knowledge, concern over threats posed by
wildland ﬁre over the last decade has led to sharp increases in
the number and extent of new tree-reduction projects, some of
which use the same chaining techniques common in the 1960s.
Many of these projects have been conducted in conjunction with
the US National Fire Plan, which aims to reduce the risk of catastrophic wildland ﬁre while restoring ecological functions to forests and woodlands across the US. Whereas past management
treatments primarily focused on forage production for livestock,
managers are now tasked with treating for multiple objectives,
including ﬁre prevention and maintenance of ecosystem attributes
such as soil stability and fertility, hydrologic processes, and ecosystem resistance to invasion by exotic plants. Thus, there is a clear
need for understanding the longer-term effects of tree-reduction
on vegetation structure and soil properties in these ecosystems.
In this study, we examined how past chaining treatments inﬂuenced plant communities and soil surface characteristics at 17
paired (treated vs. untreated) sites that were chained and seeded
between 1963 and 1988. We also examined whether vegetation
and soil surface responses changed as time since chaining treatment increased (from 18 to 43 years). We predicted that these past
chaining treatments would lead to increased herbaceous cover and
decreased tree cover. Additionally, we hypothesized that as time
since chaining treatment increased there would be an increase in
tree cover leading to a decline in herbaceous cover. We focused
our study in Grand Staircase-Escalante National Monument located
in southern Utah on the Colorado Plateau, where numerous chaining treatments have occurred (http://www.mpcer.nau.edu/pj/
pjwood/).

2. Materials and methods
2.1. Study area and treatment methods
From May thru August 2006, we sampled 17 paired (treated vs.
untreated) sites located within P–J woodlands in Grand Staircase-Escalante National Monument, Utah that had been treated

between 1963 and 1988 by the Bureau of Land Management
(BLM) (see Table 1 and Fig. 1). For our treated sites, we focused
on tree-reduction treatments involving chaining and seeding (Table 1), as those were the most common treatment methods used
by the BLM and were applied to over 169,000 ha of land across
the Colorado Plateau since the 1940s (http://www.mpcer.nau.edu/pj/pjwood/). The chaining treatment method involves two tractors pulling heavy chains (18–40 kg/link) in a ‘‘U’’ or ‘‘J’’ shaped
pattern to pull over and uproot trees and often shrubs (BLM,
2008). Smooth chains were used at all sites except for site 126
where Ely chaining was used. An Ely chain had short pieces of
hardened railroad rails welded perpendicular to each link to increase soil disturbance and uproot more trees and shrubs. Both
smooth and Ely chaining disturb soils, and in all of the treatments
examined in this study, plant debris was left in the treatment to reduce erosion (BLM, 2008). All treatments involved seeding, however, the seeding methods and species mixes seeded into the
area varied (see Table 1 for details). Seeding was done either using
aerial or hand broadcasting, where seeds are left on the soil surface, or by drilling or using a dribbler, where equipment is used
to bury seeds (BLM, 2008). While all treatments involved chaining
and seeding, the combination of treatment methods varied (Table 1). For example, some sites were double chained and then
seeded (denoted as chain/chain/seed in Table 1) while other sites
were chained once and then plowed and seeded (denoted as
chain/plow/seed in Table 1). All paired untreated sites were adjacent to the treatment area and of similar slope (±9°), aspect
(±75°), elevation (±75 m) and of the same soil map unit (Natural
Resource Conservation Service, 2006).
Sites were located in either persistent P–J woodlands or wooded
shrublands (Romme et al., 2009), with vegetation consisting of
overstory P.edulis Engel. (twoneedle piñon) and J. osteosperma
(Torr.) Little (Utah juniper). All paired sites had at least one tree
with a basal trunk diameter greater than 22 cm, suggesting that
trees had established prior to the 20th century at our study sites
(Despain, 1989; Barger et al., 2009). The dominant shrub in the
area is big sagebrush (Artemesia tridentata Nutt. and A.tridentata
Nutt. ssp. tridentata), which ranged from 0 to 35% cover in the untreated sites. Other shrub species common at many of the sites included broom snakeweed (Gutierrezia sarothrae (Pursh) Britt. and
Rusby), Mormon tea (Ephedra viridis Coville), and antelope bitterbrush (Purshia tridentata (Pursh) DC.).

Table 1
Treatment year, treatment method, species seeded, amount seeded (in parenthesis next to species seeded in kg ha 1), method of seeding for all treated sites, and mean slope,
aspect, and elevation for each paired site at Grand Staircase-Escalante National Monument, Utah. The order in which treatment combinations were applied is denoted by slashes
with methods in chronological order (i.e. Chain/Plow/Seed indicates the site was chained, then plowed, then seeded).
Paired site

Slope

Aspect

Elev. (m)

Year treated

Treatment method

Species seeded

Seeding method

137
139
127
129
130
133
135
110
131
132
134

2°
2°
1°
1°
4°
3°
5°
2°
4°
5°
3°

S
E
W
E
S
SE
SE
SE
S
E
SE

1960
2027
1840
1960
1973
1604
2148
1886
2002
2042
1762

1963
1964
1965
1965
1965
1965
1965
1966
1966
1968
1969

Chain/Seed
Chain/Windrow/Seed
Plow/Chain/Seed
Chain/Chain/Seed
Chain/Chain/Seed
Chain/Chain/Seed
Chain/Seed
Chain/Seed/Chain
Chain/Chain/Seed
Chain/Plow/Seed
Chain/Chain/Seed

Drill
Drill
Aerial
Aerial
Aerial
Aerial
Aerial
Aerial
Aerial
Aerial
Aerial

113
150

5°
5°

SE
SW

1950
1892

1971
1981

Chain/Seed/Seed
Chain/Chain/Seed

126
128

1°
6°

S
SW

2028
2192

1982
1982

Chain/Plow/Seed
Chain/Seed

107

2°

E

2036

1983

Chain/Seed

123

1°

E

1859

1988

Chain/Seed

A. cristatum (7.8)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
A. cristatum (6.7)
Elymus junceus (5.6)
A. cristatum (5.6), Atriplex cansecens (0.3),
Medicago sp. (5.6), Purshia tridentata (0.3)
A. intermedium (5.8)
A. cristatum (4.5), A. trichophorum (2.2),
E. junceus (3.4), Meliotus ofﬁcinalis (1.1), P. tridentata (0.3)
Other Herbs (7.1)
A. cristatum (9.0), E. junceus (6.7), A. intermedium (2.2),
M. ofﬁcinalis (2.2), A. cansecens (0.3)
A. cristatum (4.5), A.trichophorum (3.4), M. ofﬁinalis (0.9),
Onobrychis sp. (0.9)
A. cristatum, E. junceus

Broadcast
Broadcast
Broadcast
Broadcast & Drill
Broadcast
Broadcast
Broadcast
Broadcast
Broadcast

Aerial Broadcast
Aerial Broadcast
Aerial or Hand Broadcast
Aerial Broadcast & Dribbler
Aerial Broadcast
Drill
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Fig. 1. Map of the 17 paired sites (black circles) scattered throughout Grand Staircase-Escalante National Monument in southern Utah, USA.

Mean annual temperature and precipitation from 1960 to 2010
in our study area was 11.8 °C and 251 mm, respectively (http://
prism.oregonstate.edu). Annual precipitation in 2006 was slightly
below average (240 mm), but within one standard deviation of
the 50 year mean (http://prism.oregonstate.edu). Mean annual
temperature in 2006 was similar to the 50 year mean (11.7 °C)
(http://prism.oregonstate.edu).

2.2. Field methods
For all paired sites, we used GIS to randomly locate three points
within each treated and untreated area. At each point we established three 10  10 m subplots, each located 75 m apart, for a total of 9 subplots per site.
To quantify tree density and cover, we recorded the species status (live or dead), height (live trees only), two perpendicular canopy widths (live trees only), and the basal trunk diameter (BTD)
for all trees (adults, P5 cm BTD; saplings, P2.5 cm and <5 cm
BTD; and seedlings, BTD <2.5 cm) rooted within each subplot. To
quantify shrub density, we counted the number of each shrub species located within each subplot. Following, two observers did an
ocular estimate of percent cover for each shrub species within each
10  10 m subplot, which were then averaged. To quantify herbaceous and soil cover, we randomly placed one 1 m2 quadrat within
each quadrant of the 10  10 m subplot and estimated percent
cover bare ground, rock, litter, and biocrusts located within each
1 m2 quadrat as well as percent cover for each plant species.
To quantify surface fuel loads, we randomly established one
10 m transect going through the center of each subplot and recorded the small and large diameter of each downed, dead woody
material (twigs, stems, branches, bolewood) from trees and shrubs
that intersected the transect (see methods in Brown, 1974). For

fuels greater than 7.6 cm we classiﬁed wood as sound (650% decay) or rotten (>50% decay).
2.3. Data analysis
To understand the effects of chaining and seeding on vegetation, biocrusts, and surface fuel load we performed a paired (treated vs. untreated) Student’s t-test across the 17 sites. In cases
where the response variable was not normally distributed, even
after multiple transformations were attempted, we performed a
paired Wilcoxon Signed Rank test. We omitted sites 110, 113,
and 123 from all surface fuel load analyses due to missing data.
We evaluated understory diversity, which included all shrubs,
graminoids, and forbs, using two indices: species richness (N0), calculated as the mean number of species per 10  10 m subplot and
species heterogeneity (N2), calculated as the reciprocal of Simpson’s Index (1/Rpi2), where pi represents the proportional representation of each species in a sample, calculated on the basis of
cover (Hill, 1973). Species heterogeneity shares the same units as
species richness and incorporates both species richness and species
evenness (Peet, 1974).
To understand the long-term effects of chaining on tree recruitment dynamics, we examined the number of P. edulis and J. osteosperma trees that likely recruited after each treatment among the
sites that were treated between 1963 and 1971. Based on our
size-age relationship for P. edulis (agetreeX = 2.45  BTDtreeX + 26.8;
Appendix Table A.1 and Fig. A.1) and J. osteosperma (agetreeX = 21.1  canopytreeX + 26.6; Appendix Table A.1 and Fig. A.1),
we considered trees with a BTD 65 cm for P. edulis and trees with
a canopy 60.64 m2 for J. osteosperma to have recruited after treatment (i.e. 640 years old). Using this size cut-off, we examined the
differences in the numbers of trees that recruited in the last
40 years (i.e. recruited post-treatment) in the treated and un-
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Different letters denote signiﬁcant differences between treated and untreated sites, with a = 0.05.

T

35
5
14
18
12
41
19
–
76
13
81
–
57
2
51
46
–
33 (7)b
11
9
1
14
16
9
12
–
36
16
41
–
13
16
28
1
–
16 (3)a
2
3
10
7
0
1
4
9
8
4
1
0
4
0
4
1
0
4 (1)b
31
16
11
11
19
12
27
11
19
27
39
27
31
18
21
14
3
20 (2)a
178
244
211
356
33
22
144
256
289
178
44
0
256
22
367
89
0
158 (30)b
522
389
189
367
411
78
478
178
356
300
256
311
456
500
511
444
33
340 (36)a
3
5
7
12
0
0
4
11
8
4
1
0
4
0
6
2
0
4 (1)b
18
14
11
14
20
4
21
14
20
13
12
30
15
24
13
20
10
16 (1)a
18
5
14
10
7
14
13
3
9
17
16
0
9
8
15
9
11
10 (1)a
7
9
23
3
6
15
8
0
13
14
21
16
9
7
19
5
10
11 (2)a
17
25
27
10
36
8
13
19
15
5
27
26
13
37
2
21
5
18 (3)b
0
1
10
36
6
2
0
20
0
0
0
8
0
4
3
11
18
7(2)a
1
2
7
1
6
1
9
12
1
12
1
23
0
17
20
15
8
8 (2)b
0
2
10
5
0
1
1
1
0
1
0
1
0
1
0
1
2
2 (1)a

Surface fuel loads

U
T

1963
1964
1965
1965
1965
1965
1965
1966
1966
1968
1969
1971
1981
1982
1982
1983
1988

1

Tree basal area

U
T

Tree density

U
T

Tree cover

U
T

Other Shrub sp. cover

U
T

A. tridentata cover

U
T
U

137
139
127
129
130
133
135
110
131
132
134
113
150
126
128
107
123
Mean (± 1 SE)

Fig. 2. Percent absolute cover of annual forbs, annual graminoids, perennial forbs,
and perennial graminoids in treated (chained and seeded) and untreated sites at
Grand Staircase-Escalante National Monument, Utah. Data are means ± 1 SE and an
asterisk denotes signiﬁcant differences between treated and untreated sites, with
a = 0.05.

Herbaceous cover

Past chaining treatment methods were effective at increasing
understory cover, even 40 years post-treatment. Total herbaceous
cover was over four times as high (8.1% as opposed to 1.7%) in sites
that had been treated as compared to untreated sites (paired t-test,
P = 0.001; Fig. 2). Interestingly, while there was a trend of higher
herbaceous cover among sites that had been treated more recently
(i.e. 1980s), there was no strong relationship between year of treatment and difference in herbaceous cover among paired treated and
untreated sites (R2 = 0.16, P = 0.07; Table 2). This lack of a strong
relationship may be due to our paired sampling design (i.e. rather
than comparing pre-treatment and post-treatment data at each
treated site, we compared post-treatment data with data from an
adjacent untreated site). Additionally, there was high variability
in vegetation cover among our untreated sites (Table 2), which
may also reduce our ability to detect how vegetation may change
over time following treatment.
When comparing differences in cover among herbaceous functional groups, there was no signiﬁcant difference between treated

Year

3.1. Changes in herbaceous cover

Paired site

3. Results and discussion

Table 2
Herbaceous cover (%), Artemesia tridentata cover (%), other shrub sp. cover (%), tree cover (%), tree density (trees per ha), tree basal area (m2 per ha), and 1–1000 h surface fuel loads (metric t ha
paired site at Grand Staircase-Escalante National Monument, Utah. Bottom row includes mean ± 1 SE.

treated sites by conducting paired (treated vs. untreated) Student’s
t-test using data across the 12 sites that were treated between
1963 and 1971. Additionally, we did paired (treated vs. untreated)
Student’s t-tests to examine if P. edulis dominance (calculated as:
densityP.edulis/(densityP.edulis + densityJ.osteosperma) differed between
the treated and untreated sites among the trees that recruited
post-treatment as well as among the trees that recruited prior to
treatment. Lastly, to examine changes in recruitment patterns
across all of our 17 paired sites, we examined differences in seedling (BTD <2.5 cm) and sapling (BTD <5 cm and P2.5 cm) densities
among the treated and untreated sites by doing paired (treated vs.
untreated) Student’s t-tests. In cases where the response variable
was not normally distributed, even after multiple transformations
were attempted, we performed a paired Wilcoxon Signed Rank
test.
We also performed linear regressions to examine how year
since treatment inﬂuenced the percent difference in herbaceous
cover, shrub cover, tree density and basal area, ground cover, and
fuel load (1–1000 h fuels). All analyses were performed using the
statistical software R (R Development Core Team, 2011), with
a = 0.05.

) in each untreated (U) and treated (T)
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and untreated sites in percent cover of annual forbs, annual graminoids, or perennial forbs (all paired Wilcoxon tests, all P > 0.12;
Fig. 2). However, perennial graminoids had signiﬁcantly higher
cover in treated sites (6.4% cover) than untreated sites (0.3% cover)
(paired Wilcoxon test, P = 0.006; Fig. 2). Previous research examining the impacts of chaining immediately (1–2 years) following
chaining found increases in annual and perennial forbs (Skousen
et al., 1989; Tausch and Tueller, 1977). However, 8–10 years following chaining these studies report increases in perennial graminoids and shrubs while forbs return to pre-treatment levels
(Skousen et al., 1989; Tausch and Tueller, 1977), results which concur with our ﬁndings.
The high cover of perennial graminoids in the previously treated sites is predominately due to the increase in Agropyron cristatum (L.) Gaertn. (crested wheatgrass), the most commonly seeded
species (Table 1). This species also accounts for the large increase
in nonnative species cover, which was over ten times higher in
the treated sites (5.6% cover on average) as compared to the untreated sites (0.5% cover on average) (paired Student’s T test,
P = 0.006). Among native species cover, there was an insigniﬁcant
trend of higher native species cover in the treated sites (2.0% cover
on average) as compared to the untreated sites (0.9% cover on average) (paired Wilcoxon test, P = 0.09).
3.2. Seeded species
A. cristatum was the most commonly seeded species and was
seeded in at least 14 of the 17 treated sites (Table 1). This species
had signiﬁcantly higher cover in the treated sites (4.4% cover) as
compared to the untreated sites (0.4% cover) (paired Wilcoxen test,
P = 0.006) and was the dominant species at the majority of the
treated sites (10 of 17 sites). The only other species seeded that
was present at the sites was Elymus junceus Fisch. (Russian wildrye), which was present in 2 of the 3 seeded sites. Sites 123 and
128, which were seeded with E. junceus and A. cristatum (see Table 1), had low E. junceus cover (0% and 0.2% cover, respectively)
in the treated sites, similar to the paired untreated sites (both 0%
cover). In the other E. junceus seeded site (site 132), which was
seeded with only E. junceus, there was high E. junceus cover in
the treated site (10% cover) unlike the paired untreated site (0%
cover). While both A. cristatum and E. junceus are adapted for heavy
grazing, E. junceus is more drought tolerant than A. cristatum and is
also able to tolerate more alkaline levels than A. cristatum (Monsen
et al., 2004). In our study area, however, it appears that A. cristatum
may be more competitive than E. junceus. When seeded without A.
cristatum, E. junceus was effective at becoming established and remained a dominant herbaceous species for 40 years posttreatment.
Our results show that the commonly seeded A. cristatum is
effective at becoming established following seeding, which is consistent with other tree-reduction studies (Ott et al., 2003; Skousen
et al., 1989), and remains a dominant herbaceous species for
40 years post-treatment. A.cristatum is one of the most frequently
planted nonnative grasses in western North America due to its high
productivity, ease of establishment, grazing resistance, and ability
to survive droughts (Lesica and DeLuca, 1996; Smoliak and Dormaar, 1985). The dominance and persistence of A. cristatum following these chaining treatments suggest that A. cristatum may be
outcompeting other native species that would otherwise become
more dominant (Henderson and Naeth, 2005; Walker, 1997; Wilson and Gerry, 1995).
3.3. Bromus tectorum
Bromus tectorum L. (cheatgrass), a highly invasive annual grass,
was detected in 8 of the 17 paired sites. Within those 8 paired sites,

B. tectorum had low cover (63%), with no signiﬁcant difference in
cover between treated (mean ± SE: 0.2 ± 0.1%) and untreated
(1.0 ± 0.5%) sites (paired Student’s t-test, P = 0.09). These results
suggest that the chain and seed method did not affect B. tectorum
abundance 40 years post-treatment. Similarly, while Skousen
et al. (1989) found large increases in B. tectorum cover immediately
(2 years) following chaining and seeding in P–J woodlands in central Utah, there was little increase in B. tectorum in the long-term
(10–20 years) (Skousen et al., 1989). The lack of a long-term increase in B. tectorum cover following chaining and seeding in our
study and others may be due to the establishment and growth of
perennial grasses, which may have resulted in competitive exclusion of B. tectorum (Chambers et al., 2007; Ott et al., 2003; Thompson et al., 2006). Further, A. cristatum may be particularly effective
at outcompeting B. tectorum compared to other native perennial
grasses (Cox and Anderson, 2004; Lefﬂer et al., 2011). Taken together, these results suggest that seeding with perennial graminoids, especially A. cristatum, may reduce the risk of B. tectorum
invasion. Another potential explanation for the low cover of B. tectorum in our treated sites may be that B. tectorum has low invasibility in P–J woodlands in our study area (Crall et al., 2006),
which is supported by the low cover of B. tectorum in our untreated
sites. Thus, areas with larger populations of B. tectorum may potentially see long-term increases in B. tectorum following chaining and
seeding.
3.4. Changes in shrub cover
Treated sites had 60% higher shrub cover than untreated sites
(paired Student’s t-test, P = 0.009; Table 2), which was due to the
large increase in A. tridentata. In particular, A. tridentata, the dominant shrub, was over twice as high in chained and seeded sites
(Table 2; paired Student’s t-test, P = 0.002). While there was an increase in shrub cover overall, when A. tridentata was excluded from
the analysis, there was no difference in shrub cover between treated and untreated sites (Table 2; paired Student’s t-test, P = 0.7).
These results highlight how certain shrub species beneﬁt from
chaining treatments, while other shrub species are unaffected,
which is consistent with observations from other tree-reduction
studies in P–J woodlands (Rippel et al., 1983).
3.5. Changes in understory diversity
While previous research found a decline in understory diversity
immediately following chaining (O’Meara et al., 1981), our results
suggest there were no long-term effects of chaining treatments on
understory plant diversity: both in terms of species richness
(paired Student’s t-test, P = 0.4) and species heterogeneity (paired
Student’s t-test, P = 0.7). Species richness was much higher in both
treated (mean ± SE: 11.0 ± 1.0) and untreated sites (10.4 ± 0.8) than
species heterogeneity (3.0 ± 0.3 in treated sites and 2.9 ± 0.3 in untreated sites), highlighting how a select number of species, primarily A. cristatum (treated sites only) and A. tridentata (both treated
and untreated sites), dominated understory cover.
3.6. Changes in soil surface characteristics
The percent bare mineral soil cover was signiﬁcantly higher in
the treated sites as compared to the untreated sites (paired Student’s t-test, P = 0.01; Fig. 3), while litter, biocrust, and rock cover
was signiﬁcantly lower in treated sites as compared to untreated
sites (all paired Student’s t-tests, all P < 0.02; Fig. 3). Higher bare
mineral soil cover may increase wind and water erosion (Wilcox,
1994; Davenport et al., 1998). Additionally, biocrusts can be important sources for ﬁxed nitrogen in these semi-arid ecosystems (Belnap, 1996), and also for preventing soil and nutrient loss through
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(A)

Fig. 3. Percent absolute cover of rock, bare mineral soil, litter, and biocrust cover in
treated (chained and seeded) and untreated sites at Grand Staircase-Escalante
National Monument, Utah. Data are means ± 1 SE and an asterisk denotes
signiﬁcant differences between treated and untreated sites, with a = 0.05.

wind and water erosion (Barger et al., 2006; Belnap and Gillette,
1998). While both higher bare mineral soil cover and lower biocrust cover may increase erosion, the higher herbaceous cover in
the treated areas (Table 2) has likely reduced soil and water loss,
because vegetation patches can serve as a sink for both water
and sediment (Wilcox et al., 2003; Ludwig et al., 2005). Therefore,
the potential negative effects of increased bare mineral soil cover
and decreased biocrust cover on soil erosion may be offset by the
increase in herbaceous vegetation. Indeed, previous research found
a decrease in soil erosion one to six years following chaining in a P–
J woodland in northern Utah, which was associated with an increase in understory vegetation (Farmer et al., 1999). The change
in vegetation cover may also offset the potential losses of ﬁxed
nitrogen due to reduced biocrust cover.
The changes in ground cover in the treated areas may be due to
the physical effects of chaining or the post-treatment effects of
livestock grazing. Livestock grazing has been an important economic activity in our study area (Grand Staircase-Escalante National Monument) since the late 1800s and is still common
today. Grazing is known to reduce biocrusts in piñon–juniper
woodlands (Beymer and Klopatek, 1992). Additionally, in sagebrush-dominated ecosystems within Grand Staircase-Escalante
National Monument, persistent heavy grazing has signiﬁcantly impacted soil hydrologic conditions (Miller, 2008). Our treated sites
may have been grazed more often than the untreated sites due
to their higher herbaceous cover (Fig. 2). Thus, post-treatment
management (i.e. grazing) may have played a role in the differences in bare mineral soil and biocrust cover between the treated
and untreated sites.
There was no relationship between year of treatment and difference in soil, litter, rock, or biocrust cover among paired treated
and untreated sites (linear regressions, all R2 < 0.0 and P > 0.35).
These results suggest that ground cover does not vary among sites
that were chained 20 and 40 years ago. However, the lack of a relationship may be partly due to a relatively small sample size (17)
given the heterogeneity of the sampling area and the paired study
design.

3.7. Changes in tree cover, density, and recruitment
Chaining was effective at reducing tree abundance for 40 years
following treatment: tree basal area was ﬁve fold higher in the untreated sites as compared to the treated sites (paired Student’s ttest, P < 0.001; Fig. 4A) and tree density was twice as high in the

(B)

Fig. 4. Differences between treated (chained and seeded) and untreated sites in J.
osteosperma and P. edulis basal area (A.) and tree density (B.) among live (left side)
and standing dead (right side) adult trees (BTD P5 cm) at Grand Staircase-Escalante
National Monument, Utah. Data are means ± 1 SE and an asterisk denotes
signiﬁcant differences between treated and untreated sites, with a = 0.05.

untreated sites as compared to the treated sites (paired Student’s
t-test, P < 0.004; Fig. 4B). These results suggest that chaining can
be effective at decreasing tree density and basal area for 40 years,
counter to what previous research has suggested (Skousen et al.,
1989; Tausch and Tueller, 1977).
The low levels of adult tree basal area and density in the
chained areas is likely due to the slow regeneration rate of P. edulis
and J. osteosperma. Based on our linear regression of tree size and
tree age from two of our paired-sites (Fig. A.1), 40 year old P. edulis
trees were only 5 cm in basal trunk diameter (BTD) (Fig. A.1). Similarly, 40 year old J. osteosperma trees had a small canopy (0.64 m2)
and were only 6 cm in BTD (Fig. A.1 and Table A.1). Thus, the
majority of adult trees in the treated area were trees that had
established prior to treatment and were not killed during treatment. This is further highlighted by the low canopy cover (<0.5%)
of trees that recruited after treatment as compared to trees that recruited prior to treatment (16%) in the treated areas (Fig. 5a). These
results illustrate the slow regeneration rate of these woodlands
and how the number of trees surviving treatment strongly determines the rate of recovery. Thus, the long-term effectiveness of
chaining may be largely due to the number of juvenile trees that
survived the treatment (Skousen et al., 1989; Fig. 5a), which may
explain the difference in rates of recovery between our study and
others (Skousen et al., 1989; Tausch and Tueller, 1977). Given the
low cover of newly recruited trees over the past 40 years in our
study area (Fig. 5a), our results suggest that if all trees were killed
during treatment there may be little tree cover (<1%) 40 years after
treatment.
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(A)

(B)
Fig. 6. Differences between treated (chained and seeded) and untreated sites in J.
osteosperma and P. edulis seedling (BTD <2.5 cm) and sapling (BTD <5 cm and
P2.5 cm) densities at Grand Staircase-Escalante National Monument, Utah. Data
are means ± 1 SE and an asterisk denotes signiﬁcant differences between treated
and untreated sites, with a = 0.05.

Fig. 5. Differences between treated (chained and seeded) and untreated sites in J.
osteosperma and P. edulis canopy cover (a) and tree density (b) among trees
>40 years old (i.e. trees that likely established prior to treatment) and trees
640 years old (i.e. trees that likely established post-treatment) at Grand StaircaseEscalante National Monument, Utah. Data are means ± 1 SE and only include the 12
sites that were treated between 1963 and 1971. An asterisk denotes signiﬁcant
differences between treated and untreated sites, with a = 0.05.

While there was a trend of lower tree density and basal area
among sites that had been chained more recently (i.e. 1980s) (Table 2), there was no strong relationship between year of treatment
and difference in tree density or basal area among paired treated
and untreated sites (linear regression, both R2 < 0.08 and P > 0.4;
Table 2). The lack of a relationship is likely due to the slow regeneration rate of P. edulis and J. osteosperma and may also be a function of the relatively low sample size given our paired sampling
design and the high heterogeneity of P–J woodlands.
Unlike J. osteosperma, P. edulis regeneration may be negatively affected by chaining treatments, and consequently, treated woodlands may become increasingly J. osteosperma dominated. There
was over 50% less recruitment of P. edulis during the last 40 years
in treated sites compared to untreated sites among the sites treated
between 1963 and 1971 (paired Wilcoxon test, P = 0.01; Fig. 5b),
while there was no difference in J. osteosperma recruitment among
treated and untreated sites (paired Student’s t test, P = 0.3;
Fig. 5b). Additionally, while P. edulis dominance among trees that
were greater than 40 years old (i.e., trees that established prior to
treatment) was similar in treated (mean ± SE: 36 ± 7%) and untreated (mean ± SE: 35 ± 7%) sites (paired Student’s t test, P > 0.8;
Fig. 5b), P. edulis dominance was signiﬁcantly lower in treated sites
(mean ± SE: 20 ± 7%) as compared to untreated sites (mean ± SE:
63 ± 9%) among trees that were less than 40 years old (i.e., trees that
likely established after treatment) (paired Wilcoxon test, P = 0.02;
Fig. 5b). Further, across all sites, there were over 10 times fewer P.
edulis seedlings and saplings (BTD <5 cm) in the treated sites as compared to the untreated sites (Fig. 6), whereas there was little difference in J. osteosperma seedling and sapling abundance (Fig. 6). These
results support the idea that J. osteosperma is an earlier successional
species that has higher establishment following disturbances compared to species of piñon (P. monophylla and P. edulis) (Barney and
Frischknecht, 1974; Chambers et al., 1999). The differential recruitment response of P. edulis and J. osteosperma to chaining and other

disturbances may be due to their differential abilities to establish
and survive outside of the canopy of trees and shrubs. J. osteosperma
is more drought tolerant than P. edulis (Linton et al., 1998; McDowell
et al., 2008; Mueller et al., 2005), and while 90% of P. edulis juveniles
are found underneath the canopy of trees and shrubs, signiﬁcantly
fewer (70%) J. osteosperma juveniles are found underneath the canopy of trees and shrubs (Redmond and Barger, 2013). Therefore, the
decline in tree and shrub cover associated with the chaining method
may have negatively affected P. edulis establishment more than J.
osteosperma establishment due to reduced tree and shrub canopy
cover.
Our results suggest that the chaining and seeding treatment
method may result in an increase in J. osteosperma dominance,
which could negatively impact wildlife and communities that rely
on P. edulis for forage, fuel wood, and habitat (Brown et al., 2001).
Additionally, there has been high drought-related mortality of P.
edulis in certain areas across its range since 2002 (Breshears
et al., 2005; Clifford et al., 2011), especially among reproductively
mature trees (Floyd et al., 2009). There have also been recent declines in P. edulis cone production associated with increasing temperatures (Redmond et al., 2012). Thus, both recent mortality and
decreased reproduction could further reduce P. edulis as a co-dominant in P–J woodlands.

3.8. Changes in surface fuel loads
While there were no differences between the treated and untreated sites in smaller diameter (1–10 h) surface fuels or 1000 h
rotten surface fuels (Table 3), there were nearly two times more
100 h fuels and over ﬁve times more 1000 h fuels in the treated
sites (Table 3). These results are consistent with other studies that

Table 3
Average (±1 SE) fuel loads (metric t ha 1) in treated (chained and seeded) and
untreated sites at Grand Staircase-Escalante National Monument, Utah.
Fuel component

Untreated

Treated

1h
10 h
100 h
1–100 h
1000 h sound
1000 h rotten

0.01 (0.00)a
0.30 (0.02)a
1.6 (0.2)a
1.9 (0.2)
3.1 (1.5)a
10.9 (2.8)a

0.01 (0.00)a
0.39 (0.04)a
3.0 (0.3)b
3.3 (0.3)
17.3 (5.9)b
12.7 (3.2)a

Different letters denote signiﬁcant differences between treated and untreated sites,
with a = 0.05.
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found an increase in surface fuel loads following mechanical treatments that did not involve ﬁre (Stephens and Moghaddas, 2005;
Stephens et al., 2009). The high amount of 100 h and 1000 h surface fuels present 40 years after treatment demonstrates one of
the differences of not physically removing, burning, or grinding
up (i.e. mastication) killed trees, as wood decays slowly in these
semi-arid ecosystems (Jacobi et al., 2005). These larger diameter
surface fuels may increase habitat complexity and beneﬁt
ground-dwelling arthropods (Clifford et al., 2008; Grove, 2002)
and may also alter ﬁre behavior by increasing the length of time
ﬁre heats the soil surface (Clifford et al., 2008). However, despite
the increased surface fuel loads (Table 3), the probability of catastrophic wildﬁres may not be higher in treated areas given the signiﬁcantly lower canopy cover (Table 2; Clifford et al., 2008). There
was no relationship between year since treatment and surface fuel
loads (R2 = 0.09, P = 0.15; Table 2), which highlights the slow decay
rate of wood in semi-arid ecosystems.

4. Conclusion
Tree-reduction treatments involving chaining and seeding have
been applied to over 169,000 ha of P–J woodlands across the Colorado Plateau over the past half-century (http://www.mpcer.nau.edu/pj/pjwood/) and are still used as a management technique.
These treatments clearly have long-term (40 year) effects on ecosystem dynamics that need to be taken under consideration when
developing future management strategies.
4.1. Management-intended long-term (40 year) effects of past
chaining treatments
 Past chaining treatments effectively increased perennial grass
cover, and thus, increased forage production. The increase in
perennial grass cover was predominately due to the increase
in A. cristatum, a nonnative bunchgrass that was seeded following treatment.
 Past chaining treatments effectively reduced tree cover. While
trees were present in all treated sites, their populations had signiﬁcantly lower densities in treated sites as compared to
untreated sites. Additionally, we found slow tree regeneration
in our treated sites (40 year old trees were less than 7 cm in
basal trunk diameter), highlighting the slow growth of P. edulis
and J. osteosperma in these semi-arid woodlands of the Colorado
Plateau.
 While previous research found a decline in understory diversity
immediately following chaining (O’Meara et al., 1981), our
results suggest past chaining treatments did not affect species
diversity in the long-term.
 No long-term treatment effects on the abundance of B. tectorum,
a common invasive species, were detected. This may be partly
due to the low invasibility of B. tectorum in our study area as
well as competitive exclusion by A. cristatum and other perennial grasses (Chambers et al., 2007).
4.2. Unintended long-term (40 year) effects of past chaining
treatments
 Treated areas had higher bare mineral soil cover and reduced
biocrust cover, which may be due to the direct effects of chaining and seeding or due to post-treatment grazing patterns.
 Past chaining treatments may result in more J. osteosperma
dominated (as compared to P. edulis dominated) woodlands.
Treated areas had over 10 times fewer P. edulis seedlings and
saplings than untreated areas, whereas there was no difference
in J. osteosperma seedling and sapling density. Further, within
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the 12 sites that were treated between 1963 and 1971, P. edulis
dominance was 69% lower among trees that recruited in the last
40 years in the treated areas as compared to the untreated
areas.
 Past chaining treatments increased nonnative species cover.
This increase was predominately due to A. cristatum, a nonnative species that was seeded.
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